ABSTRACT. Little is known about how climatic variability affects fragmented forests and their abrupt edges. We contrasted effects of the 1997 El Niño drought between fragmented and continuous forests in central Amazonia, using long-term data on tree mortality. For 23 permanent 1-ha plots, annualized mortality rates of trees Ȅ 10 cm diameter at breast height (dbh) were compared among a 'baseline' interval of 5-17 y before the drought, a 12-16-month interval during the drought, and a 12-13-month interval after the drought, using repeated-measures ANOVA. We also examined the size distributions of dead trees for each interval. During the drought, average annual tree mortality rose significantly in both forest edges (from 2.44% to 2.93%) and interiors (from 1.13% to 1.91%), and the magnitude of this increase did not differ significantly between edges and interiors. After the drought, tree mortality declined in all plots, but most dramatically on edges. Mortality rates were more variable over time on edges than interiors, and there was no evidence of time lags in mortality. In forest interiors, the size distributions of trees that died did not differ significantly among the three intervals. On edges, however, relatively fewer small (10-15 cm dbh) and more medium-sized (20-30 cm dbh) trees died in the post-drought interval, compared to other intervals. Moreover, forest edges lost a significantly higher proportion of large (Ȅ 60 cm dbh) trees than did forest interiors. These results suggest that droughts have relatively complex effects on fragmented Amazonian forests. Drought effects in our forest fragments probably were reduced by prior floristic and structural changes near edges and by adjoining regrowth forest that partially buffered edge vegetation from desiccating conditions.
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In the early 1980s, a series of forest fragments were isolated by clearing and burning the surrounding forest to create cattle pastures within three large (> 5000 ha) ranches (Bierregaard et al. 1992 , Lovejoy et al. 1986 ). The fragments were isolated by distances of 70-650 m from continuous forest and fenced to prevent encroachment by cattle. Because of low pasture productivity, the ranches were gradually abandoned, and 3-15-m-tall secondary forests (dominated by Cecropia spp. and/or Vismia spp.) have proliferated in many cleared areas.
ENSO and rainfall
The most important factor underlying inter-annual rainfall variability in the tropics is the El Niño-Southern Oscillation (Marengo & Hastenrath 1993 , Prentice & Lloyd 1998 , Tian et al. 1998 , Wright et al. 1999 . El Niño events typically occur at 3-7-y intervals and usually are accompanied by droughts or rainfall deficits in Australasia, South Asia and much of the neotropics, with exceptionally heavy precipitation occurring along the Pacific coast of South America (Webster & Palmer 1997) . Surface temperatures and insolation also increase during droughts because of reduced cloud cover (Wright et al. 1999) . Over the past two decades, major neotropical droughts occurred in 1982 -83 and 1997 -98, with smaller rainfall deficits in 1987 -88 and 1991 -92 (Marengo et al. 1998 , Tian et al. 1998 .
In the Amazon Basin, El Niño droughts are most pronounced in the central and northern areas of the Basin (Hammond & ter Steege 1998 , Marengo et al. 1998 ). In our central-Amazonian study area, the unusual strength of the 1997 drought is best illustrated by examining dry-season (June-October) rainfall. During the drought, dry-season rainfall was only 232 mm, less than one-third of normal (Figure 1 ), while the number of days without rain nearly doubled, from an average of 57 to 102 (data from BDFFP Camp Km 41). The drought ended in the central Amazon with the onset of rains in November 1997, but continued in the northern Amazon (on the opposite side of the equator, where seasons are offset by 6 mo) well into 1998 (Hammond & ter Steege 1998) . Unlike the drought year, the post-drought interval in 1998-99 was quite typical: dry-season rainfall was 728 mm, which is slightly above average (698 ± 191 mm), while total annual rainfall in 1998 was slightly below average ( Figure 1 ).
Study design
In the early 1980s, 66 permanent, square, 1-ha forest-mensuration plots were established within fragmented and continuous forests in the study area; three additional plots were added in 1991 (Laurance et al. , 1998a Oliveira & Mori 1999 , Rankin-de Merona et al. 1992 . Plots in fragments were protected from fires in adjoining pastures by a 5-20 m-wide band of forest along fragment margins. Complete inventories of all trees (Ȅ 10 cm dbh) were conducted in each plot. Trees were marked with aluminium tags and mapped, then identified to species or morphospecies level. The plots were recensused 2-5 times to assess tree growth, recruitment, mortality and damage. Tree death was determined by an absence of foliage and lack of sap in the cambium.
By good fortune, 23 of the plots were recensused in the months immediately preceding the onset of the 1997 drought (December 1996 -April 1997 . These plots were evenly distributed between forest interiors and edges: there were 12 interior plots (all in continuous forest, 230-1700 m from the nearest edge, measured from the plot centre), and 11 edge plots (60-170 m from the edge, located in forest fragments of 1 ha (1 plot), 10 ha (9 plots), and on the edge of continuous forest (1 plot)). A total of 16 129 trees were enumerated in the plots.
To calculate an overall 'baseline' mortality rate for each plot, data from several censuses before the drought (usually conducted at 2-6-y intervals) were combined using a weighted average, so that longer censuses were given proportionately greater weight. The combined baseline interval for each plot ranged from 5.2-17.3 y (mean = 12.9 y). For each plot, the annualized rate of tree mortality was calculated as r = 1−(N t /N o ) 1/t , where N o = number of trees at beginning of interval, N t = number of living trees at end of interval and t = number of years (Sheil et al. 1995) .
Each plot was then recensused 12-16 mo later, in June and July of 1998, using identical methods, in order to estimate tree mortality during the 1997 drought itself. Because there could be time lags in mortality of droughtstressed trees (Pedersen 1999) , we also recensused each plot in the subsequent 12-13 mo, in July and August of 1999.
There was absolutely no evidence that the length of census interval influenced mortality-rate estimates (cf. Sheil et al. 1995) . For example, using baseline data for forest-interior plots, there was no significant correlation between mortality and census interval (P = 0.85, df = 19, r = 0.04). Moreover, when mortality estimates were compared for eight forest-interior plots that had both short (11-45 mo) and long (102-119 mo) census intervals, there was no significant difference (P = 0.84, df = 7, t = 0.21; paired t-test). Hence, no attempt was made to remove the effects of census-interval length prior to comparing mortality rates among the baseline and subsequent intervals.
Our baseline interval included earlier ENSO events, but these appear to have been less severe than the 1997 drought. Twelve of the 23 plots (including all 11 edge plots) were initially censused between 1980 and 1983, and thus may have been affected by the 1982-83 ENSO. This drought, however, appeared weaker than the 1997 ENSO, having about 16% higher dry-season (JuneOctober) rainfall (based on records of the Brazilian National Meteorological Institute for Manaus). Likewise, the 1991-92 ENSO had far less effect on total dry-season rainfall than did the 1997 ENSO ( Figure 1 ). Baseline mortality rates did not appear to be markedly affected by the earlier droughts; among continuous-forest plots, for example, there was very little difference in mean mortality rates (P = 0.74, t = 0.35, df = 11, paired t-test) between the most recent pre-drought census interval (from 1992 to early 1997; X ± SD = 1.11 ± 0.63% y −1 ), which was not affected by any ENSO event, and the entire baseline interval (1.13 ± 0.57% y −1 ), which included effects of the 1991 ENSO (a similar comparison using edge plots would have been confounded by the forestfragmentation process in our study area). As a result, we elected to use data for the entire baseline interval in our comparisons.
Data analysis
We used a repeated-measures ANOVA to assess differences in mortality rates among the baseline, drought, and post-drought intervals, with edge distance (edge vs. interior plots) being the main effect. Our data are very appropriate for a repeated measures analysis because the same sites were sampled repeatedly using the same protocol. P values for univariate comparisons among intervals, and for the interaction between the intervals and edge distance, were adjusted using the Huynh-Feldt epsilon, in order to correct biases in the covariance matrix that can inflate F statistics (Stevens 1990) . Mortality data were log-transformed prior to analysis to reduce correlations between the mean and variance within samples. Analyses were run on Systat 7.0 (Wilkinson 1997) .
R ES U LT S

Differences among census intervals
On average, the drought had strong effects on tree mortality (Figure 2 ), resulting in substantial differences among the baseline, drought and postdrought intervals (P < 0.001, F 2,42 = 15.7; repeated-measures ANOVA). For all plots, the annualized mortality rate was significantly higher during the drought than either the baseline (P = 0.003, F 1,22 = 10.8) or post-drought (P < 0.001, F 1,22 = 59.7) intervals. There was no significant difference between the baseline and post-drought intervals (P = 0.17, F 1,22 = 2.0; univariate F-tests).
Differences between edges and interiors
When combined over the three intervals, mortality was substantially higher in edge than interior plots (P = 0.001, F 1,21 = 15.7; repeated-measures ANOVA). During the baseline interval, the annualized mortality rate near edges (2.44 ± 0.84% y −1 ) was more than twice that in forest interiors (1.13 ± 0.57% y −1 ), a Figure 2 . Mean annualized mortality rates (± SD) for Amazonian trees (Ȅ10 cm dbh) in forest-edge and interior plots during the baseline, drought and post-drought intervals. highly significant difference (P < 0.001, F 1,21 = 25.4; univariate F-test). This resulted from a strong edge-to-interior gradient in tree mortality ( Figure 3A) .
During the drought, mortality rose both on edges (9/11 plots) and interiors (11/12 plots). The magnitude of the increase was variable among plots, averaging 0.49 ± 1.09% on edges and 0.78 ± 0.90% in interiors (Figure 2) , a nonsignificant difference (P = 0.51, F 1,21 = 0.5). As before, there still was an obvious edge-to-interior gradient in tree mortality (Figure 3b) , with mortality again being higher in edge than interior plots (P = 0.014, F 1,21 = 7.2; univariate F-tests). Many live trees were observed to have unusually strong leaf wilt and abscission during the drought, with leaf-fall being especially high within c. 60 m of forest edges.
In the year after the drought, mortality dropped in all 23 plots (Figure 2 ). The absolute decline was especially striking near edges, where mortality fell by 1.36 ± 0.64%, compared to 0.67 ± 0.49% for interiors; this difference was significant (P = 0.011, F 1,21 = 7.7). Because post-drought mortality declined much more sharply on edges, there was no apparent edge-to-interior gradient in tree mortality ( Figure 3c ) and no mean difference between edge and interior plots (P = 0.24. F 1,21 = 1.5; univariate F-tests). This breakdown of the normal edge-to-interior mortality gradient resulted in a significant statistical interaction between time and edge distance (P = 0.033, F 2,42 = 3.9; repeated-measures ANOVA). Nevertheless, edge plots had higher mortality rates than interior plots during all census periods (Figure 2) .
Variability of forest edges
Tree mortality was considerably more dynamic over time on forest edges than interiors (Figure 2 ). Near edges, mortality in most (9/11) plots rose above the already-high baseline rate during the drought, then dropped sharply afterwards, with nearly all (10/11) plots falling below the baseline rate. Mortality in interior plots also increased during the drought (11/12 plots), but only half of the plots declined below the baseline rate after the drought. When the standard deviation of mortality was calculated over the three intervals for each plot (using untransformed data), edge plots had significantly higher variability (mean SD = 0.726) than did interior plots (mean SD = 0.479; P = 0.034, F 1,21 = 5.2; univariate F-test).
Tree size distributions
Droughts may not affect trees of all sizes similarly (Condit et al. 1995) . We therefore compared the size distributions of trees in five diameter classes (10-15, 15.1-20, 20.1-30, 30 .1-59.9, Ȅ 60 cm) that died during the three intervals (Figure 4) . For interior plots, there was no significant difference among the intervals (χ 2 = 9.31, df =8, P = 0.32). For edge plots, however, the sizes of dead trees did vary among the intervals (χ 2 = 19.35, df = 8, P = 0.013; Chi-square tests for independence), principally because relatively fewer small (10-15 cm dbh) and relatively more medium-sized (20-30 cm dbh) trees died during the post-drought interval, compared to the other intervals.
There also were differences between edges and interiors. When all intervals were combined, edges lost significantly more large (Ȅ 60 cm dbh) trees than did forest interiors (χ 2 = 10.06, df = 4, P = 0.039; Chi-square test for independence). Not only was overall mortality much higher near edges ( Figure  2 ), but the proportion of dead trees that were large was over twice as high near edges as in forest interiors (2.79% vs. 1.23%). This difference did not arise spuriously because of intrinsic differences in large-tree density between edges and interiors: prior to fragmentation, the density of large trees did not differ significantly between edge and interior plots (P > 0.10, Mann-Whitney U-test).
D IS C US S I ON
Short-term mortality increase
Our long-term study of over 16 000 trees suggests that the 1997 ENSO drought caused a sharp but relatively short-term increase in tree mortality in both fragmented and continuous Amazonian forests. We had initially hypothesized that mortality would continue to be elevated in the year after the drought because drought-stressed trees would continue dying at above-normal rates (cf. Pedersen 1999) . In fact, we found that mortality dropped off dramatically in the post-drought interval, especially near forest edges. The most plausible explanation for this pattern is that the drought may have culled out weaker individuals, some of which would normally have died in the post-drought interval.
Drought effects in edges and interiors
It is noteworthy that tree mortality during the drought did not increase more near forest edges than interiors. We had hypothesized that forests near edges would be more vulnerable to the drought because they are exposed to hotter, drier conditions than are forest interiors (Kapos 1989 , Williams-Linera 1990 . Although leaf-fall was clearly elevated near edges, suggesting greater hydric stress (and also possibly reflecting prior floristic changes near edges), the mean drought-related increase in annual mortality was slightly lower near edges (from 2.44% to 2.93%) than in forest interiors (from 1.13% to 1.91%).
In our study area, several factors could have limited tree mortality near edges. First, tree communities near edges may have been somewhat 'preadapted' for desiccating conditions because of prior changes in floristic composition. Newly created edges experience a dramatic pulse of tree mortality (Laurance et al. , 1998b Lovejoy et al. 1986 ), which is soon followed by increased recruitment of pioneer and secondary species (Laurance et al. 1998c , Sizer & Tanner 1999 . Some species proliferating on edges may be better adapted for drought conditions; for example, Condit et al. (1996) found that on Barro Colorado Island (BCI), Panama, moisture-demanding species declined sharply while drought-tolerant species increased, following several strong droughts in recent decades. Our forest edges were 13-17 y old at the time of the study, which is sufficient time for substantial changes in tree community composition to occur (cf. Oliveira-Filho et al. 1997) .
In addition, older (> 5 y old) forest edges like those in our study area become partially sealed by proliferating secondary vegetation, which reduces the penetration of wind, heat and light into forests (Kapos et al. 1997) . Finally, all of the edges in this study were surrounded by 3-15-m-tall regrowth forest, which helps to buffer edge conditions (Didham & Lawton 1999) and reduce tree mortality (Mesquita et al. 1999) , relative to edges bordered by cattle pastures. Droughts are expected to be especially damaging to recently fragmented forests, which typically have open, unprotected edges bordered by pastures or crops, particularly in strongly seasonal areas.
Tree mortality fluctuated more dramatically near forest edges than in forest interiors. This demonstrates the dynamic nature of edge effects in this system: although tree mortality is substantially elevated near edges, it is patchy and episodic. This temporal and spatial variability apparently results from a combination of unusual weather events, like droughts and windstorms (Foster & Terborgh 1998 , Nelson et al. 1994 , and site-specific factors such as soils, topography, edge aspect and the nature of the adjoining matrix vegetation. Because of this intrinsically high variability, short-term or small-scale studies may under-or overestimate the actual impacts of edge effects. Resource managers should consider this intrinsic variability when designing buffer zones for nature reserves (cf. Matlack 1994 , Murcia 1995 . Laurance & Bierregaard (1997) recommended that, to account for such inevitable uncertainties, the known penetration distance of edge effects into forests should be doubled for management purposes.
Size distributions of dead trees
The analysis of diameters of dead trees revealed two main trends. First, near forest edges, fewer small (10-15 cm dbh) and more medium-sized (20-30 cm dbh) trees died during the post-drought interval than expected. For the small trees, such a pattern might arise because some trees that would normally have died in the post-drought interval were killed by the drought; pioneer trees, for example, are often small and vulnerable to drought stress (Condit et al. 1995 (Condit et al. , 1996 . Additional kinds of species-specific differences in drought sensitivity may well be involved, although such differences are inherently difficult to detect because most tropical tree species are rare and only trees that died were considered in our analysis. Other researchers have also had limited success in predicting the effects of ENSO droughts on plant species and functional groups in tropical forests (Becker et al. 1998 , Condit et al. 1995 .
The second trend is that, when edge and interior plots were compared, the former lost over twice as many large (Ȅ60 cm dbh) trees as did the latter. Thus, not only did more trees die on edges, but a higher proportion of the dying trees were large (this effect was evident for all three census intervals, especially the baseline and post-drought intervals; Figure 4 ). There are at least four possible reasons for this pattern. First, because of their tall stature, canopy and emergent trees may be particularly vulnerable to windshear and turbulence effects near forest edges (Laurance 1997) . Second, large, old trees are especially prone to infestation by lianas, which rise markedly in abundance near forest edges (Laurance et al. 2001a ) and can increase tree mortality and windthrow (Putz 1984) . Third, large trees may be prone to desiccation stress near edges, possibly because their crowns are exposed to intense sunlight and evaporation; canopy and emergent trees experienced higher mortality than smaller trees during droughts in Asian (Leighton & Wirawan 1986) , African (Swaine 1992 ) and neotropical (Condit et al. 1995) forests. Finally, lightning strikes may be a significant cause of Amazonian tree mortality (Magnusson et al. 1996) , and large trees in isolated fragments might attract lightning more frequently than do those in large forest tracts.
The decline of large trees in fragmented forests has many implications (Laurance et al. 2000a) . Because large trees contain a high proportion of forest biomass (Clark & Clark 1995) , their rapid loss partly underlies the sharp decline of living biomass in fragments (Laurance et al. , 1998a , which may be a significant source of greenhouse gas emissions (Laurance et al. 1998d) . Large tropical trees can vary in age from a century to well over a thousand years old (Chambers et al. 1998 , Condit et al. 1995 , Martínez-Ramos & AlvarezBuylla 1998 , Williamson et al. 1999 , and thus can require very extensive periods for replacement, especially if elevated tree mortality is chronic in fragments (Laurance et al. 1998a) . Forest volume may be reduced in fragmented forests, with tall, structurally complex forests being replaced by shorter, scrubbier forests. The size and age distributions of forests will tend to shift toward smaller and younger individuals. Forest turnover rates may well accelerate if long-lived trees are replaced by shorter-lived pioneer and secondary species (Laurance et al. 1998b, c; Tabarelli et al. 1999) .
Conclusions and implications
The strong 1997 ENSO drought caused a moderate, short-term increase in tree mortality in our study area. The hypothesis that forests near edges would suffer greater drought-related mortality than forest interiors was not supported, and this may have resulted from prior floristic and structural changes in edge and adjoining matrix vegetation that helped to buffer fragments from desiccating conditions.
Tree mortality was more dynamic near forest edges than interiors, and the size distributions of dying trees varied significantly over time on edge plots. Such changes could potentially promote differences in floristic composition between edge and interior vegetation, leading to a progressive increase of desiccation-tolerant species in fragments.
Our results probably do not apply to extensive seasonal forests of the Amazon, such as those in the eastern, southern, and north-central areas of the basin, which appear much more strongly affected by droughts than do those in our study area. These drier areas are experiencing very high rates of forest fragmentation and logging (Laurance et al. 2001b , Skole & Tucker 1993 , which sharply increase the vulnerability of forests to destructive wildfires during droughts , Nepstad et al. 1998 . Droughts and fires may increase in the Amazon because rainfall is likely to be reduced by further deforestation (which reduces regional evapotranspiration; Lean & Warrilow 1989 , Shukla et al. 1990 ) and by smoke from forest fires (which traps atmospheric moisture; Rosenfeld 1999). Moreover, some leading globalcirculation models suggest that extreme weather events, such as ENSO droughts and tropical storms, will increase in frequency or severity as a result of global warming (IPCC 1996 , Mahlman 1997 , Timmerman et al. 1999 . As a result, the impacts of droughts on Amazonian forests could become more severe in the future.
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